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Abstract
Many lake ecosystems that have been severely disturbed by eutrophication, have also experienced large

human efforts to restore “natural” conditions. However, the trajectories and the extent of recovery of these lake
ecosystems are still poorly understood. In many shallow lakes, recovery was often delayed and counter-clock-
wise hysteretic. Here, we study recovery and ecosystem trajectories in a large and deep lake using diatom
remains in sediment cores and time series of phosphorus concentrations. We identified four periods of diatom
community change: slow change during early eutrophication, thereafter a short period of rapid change after the
1950s, followed by community stability from the 1960s to the mid-1980s, and finally a recovery phase until
2010. Diatom community structure responded quickly and in a saturating way to increasing phosphorus con-
centrations, but also fast to phosphorus decline. Hence, diatom community dynamics did not show counter-
clockwise hysteresis but was characterized by a high degree of recovery and clock-wise hysteresis (CWH). We
suggest that CWH in response to eutrophication and recovery is a typical and previously overlooked feature of
deep lakes, which results from a more rapid change of average nutrient concentrations and thus productivity in
the epilimnion compared to average nutrient concentrations across the entire water column. Such nonlinear
and hysteretic responses to changing nutrients need to be considered when analyzing the effects of other
stressors such as climate warming on ecosystem dynamics to prevent erroneous attribution of ecosystem change
to other stressors instead of nutrient change.

Human impact on ecosystems has substantially increased
in the 2nd half of the last century. This global increase in
impact applies to various ecosystem stressors such as overex-
ploitation of fish stocks, construction of large dams, and fertil-
izer consumption (Steffen et al. 2015). In lakes, increasing
nutrient pollution, that is, eutrophication, resulted in mani-
fold secondary consequences (Schindler and Vallentyne 2008)
such as the spread of anoxic conditions (Jenny et al. 2016),
and increases of harmful cyanobacteria (Taranu et al. 2015).

Hence, eutrophication severely impedes ecosystem services
such as recreation and drinking water supply and causes large
costs for society. For example, costs of eutrophication have
been estimated to reach annually $2.2 billion in the
United States and $0.1–0.16 billion in English and Welsh
freshwaters (Pretty et al. 2003; Dodds et al. 2009).

Reversing the effects of eutrophication has been a major
goal of environmental policy, and at least in many European
and North American lakes phosphorus concentrations have
been successfully reduced (Jeppesen et al. 2005). Unfortu-
nately, ecosystem and food web responses to these concentra-
tion reductions were often delayed (Jeppesen et al. 2005). The
responses of lake ecosystems have been classified into three
categories (Carpenter et al. 1999): (1) irreversible, if the ecosys-
tem is not able to return to its pre-eutrophication state,
despite a reduction in P input; (2) reversible, if the ecosystem
rapidly and completely restores by the sole reduction in
P input; and (3) hysteretic, if the ecosystem has two alterna-
tive ecological states that are connected by different trajecto-
ries during eutrophication and recovery, respectively.
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Hysteresis in the dynamics of the shallow lake ecosystems
has been well studied and results from a variety of positive feed-
back mechanisms within a phytoplankton-dominated turbid
state on one side, and within a macrophyte dominated clear
state on the other side (Scheffer et al. 1993; Ibelings et al. 2007).
In these shallow lake ecosystems, positive feedback results in
slow system response to both nutrient enrichment and recov-
ery, that is, counter-clockwise hysteresis (counter-CWH). Like-
wise, in medium deep lakes in which eutrophication did result
in hypolimnetic anoxia, phosphorus release from the sediments
during nutrient reduction will also cause delayed ecosystem
responses during recovery (Carpenter et al. 1999).

Here, we propose CWH as a novel 4th category of system
response to eutrophication and recovery typical for deep lakes
without anoxic hypolimnion. In deep lakes, total phosphorus
concentration measured during the late winter mixing period
(TPMIX) is typically used as indicator of trophic status (Salmaso
et al. 2007; Thomas and Eckmann 2007; Jochimsen
et al. 2013; Berthon et al. 2014; Dove and Chapra 2015).
TPMIX measures the total amount of phosphorus in the water
column at the start of the growing season and thus provides
an indication of the phosphorus stores available for primary
productivity over the subsequent season (Jassby 1998; Dove
and Chapra 2015). However, during eutrophication significant
amounts of phosphorus will enter the lake during the vegeta-
tion period suggesting that TPMIX will underestimate phos-
phorus availability during the subsequent growing season.
This inflow is expected to result in relatively fast changes in
epilimnetic phosphorus relative to TPMIX, respectively, whole
water column phosphorus concentrations, as the latter are
buffered by the large volume of the hypolimnion in deep
lakes. Likewise, epilimnetic phosphorus concentrations during
recovery should also decrease fast relative to changes in TPMIX

as the operation of sewage plants strongly reduces phosphorus
inflow into the epilimnion during the vegetation period.
Hence, we expect that epilimnetic phosphorus concentrations
and consequently biotic responses show CWH relative to
TPMIX during eutrophication and recovery.

However, not only changes in nutrient inflow but also the
occurrence of additional drivers such as climate warming
might influence ecosystem recovery trajectories. Such addi-
tional drivers may have shifted ecosystems to a novel state.
Hence, nutrient reduction might not result in a return to the
status prior to eutrophication, to the original baseline, but to a
new state, a changed baseline (Duarte et al. 2009; Battarbee
et al. 2012). Likewise, additional drivers might affect ecosys-
tem trajectories during eutrophication and recovery resulting
in a response pattern that may be erroneously interpreted as
hysteretic dynamics with respect to trophic change, that is,
pseudo-hysteretic dynamics. Vice versa, if CWH is real and
not recognized, differences between eutrophication and recov-
ery trajectories, might be erroneously attributed to a 2nd

driver. Hence, in case of different trajectories between eutro-
phication and recovery, it might be difficult to distinguish

statistically between true hysteresis, that is, ecosystem
responses to increases and decreases of only one stressor, and
pseudo-hysteretic dynamics caused by an additional driver
shifting the dynamics during the recovery period.

Many lakes worldwide have experienced accelerated nutrient
enrichment since the mid-20th century due to intensive agricul-
ture in the catchments and industrial waste and domestic sew-
age entering the lakes (Carpenter and Cottingham 1997;
Schindler and Vallentyne 2008). Unfortunately, most monitor-
ing programs started after the onset of enrichment, therefore
there is rarely sufficient monitoring data to compare eutrophica-
tion vs. recovery trajectories (Bennion and Simpson 2011).
Instead, paleolimnological approaches represent a tool to cope
with this shortcoming as they allow the reconstruction of past
lake structure and function (Dubois et al. 2018; Tolotti
et al. 2018) and identification of lake responses to increasing
and decreasing nutrient inputs (Bennion et al. 2011). Diatoms
have a high sensitivity to changes in key environmental vari-
ables, such as nutrients, temperature, pH and salinity (Bennion
et al. 2004), and diatom remains are well preserved in sediments
allowing reconstruction of past diatom community structure
(Battarbee et al. 2001; Tolotti et al. 2018). Hence, comparing
diatom community dynamics reconstructed from fossil diatoms,
which record epilimnetic conditions, with time series of total
phosphorus concentrations measured across the whole water
column will allow to investigate the community response to
trophic change and test for patterns of hysteresis.

Here, we use the diatom community composition recorded
in the sediment of Lake Constance, a model system for deep
perialpine lakes, to test for CWH in response to trophic
change. Lake Constance has experienced profound eutrophi-
cation from the 1950s towards the 1980s, but thereafter its
phosphorus concentrations have declined due to nutrient
management in the catchment and have recovered to the
levels of the 1950s (Jochimsen et al. 2013; Güde and
Straile 2016). This combination of a strong eutrophication sig-
nal combined with marked reduction in total phosphorus
concentrations to those of the 1950s makes this lake especially
suited for the study of ecosystem hysteresis in deep lakes. Fur-
thermore, the dynamics of other stressors, for example, cli-
mate change (Straile et al. 2003), which might result in
changing baselines and trajectories are well known. Here, we
test the following hypothesis: (1) diatom community structure
in recent years differs from the one observed in the 1950s;
(2) the trajectories of diatom community change do not differ
between lake eutrophication and recovery; (3) in case there
are differences between trajectories, they are caused by
warming, that is, the observed pattern is pseudo-hysteretic.

Materials and methods
Study site

Upper Lake Constance is a warm-monomictic lake located
north of the Alps between Germany, Austria, and Switzerland.
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It has a surface area of 536 km2, a volume of 48 km3 and a
maximum depth of 251 m. Its main inlet is the Alpine Rhine
River, which drains an area of 6119 km2 and contributes
61.8% of the total water inflow (Wessels et al. 1999). Lake
Constance has been studied since the 1920s and continuous,
seasonally resolved data are available for several decades. Lake-
wide measurements of dissolved phosphorus in all tributaries
revealed an inflow of > 1100 tons per year from 1967/1968
(1st survey) until the late 1970s (Güde et al. 1998). The estab-
lishment of sewage plants in the catchment from 1966
onwards and the ban of phosphate in detergents in 1980
resulted in a decline of dissolved phosphorus toward 620 tons
per years in 1985/1986 and between 100 and 200 tons per year
in 1995/1996 and 1996/1997 (Bührer et al. 2000). Phosphorus
concentrations have been measured bi-weekly to monthly at
the center of Upper Lake Constance (Wessels et al. 1999;
Jochimsen et al. 2013). The longest time series is available for
total phosphorus concentrations during winter mixing
(February/March, TPMIX) (Güde et al. 1998). Year-round mea-
surements of TP in the upper 20 m of the water column are
available from 1967 onwards and were used to calculate sum-
mer (July, August, September) epilimnetic TP averages (TPJAS).
Annual mean air temperatures (AT) measured at the weather
station of Bregenz located at the eastern shore of the lake were
acquired from the HISTALP data set (Auer et al. 2007). The dia-
tom community of Lake Constance has been analyzed in previ-
ous paleolimnological studies using diatom frustules (Wessels
et al. 1999) and DNA remains of diatoms (Ibrahim et al. 2021).
However, these studies do not provide detailed analyses of dia-
tom trajectories in respect to hysteresis.

Sediment coring and dating
Two sediment cores BO10/79 and BO10/81 (lengths ~ 55 cm)

were collected with a gravity Multi-Corer from the

Friedrichshafen bay, (47�370N, 9�290E, Wessels et al. 1999) at a
depth of 149 m in May 2010. Both cores were split horizontally
and one half of each core was used for visual dating. The sedi-
ment was sliced at 1 cm intervals, combined according to layer
depth, and was used for different analyses, including diatoms
identification and counting. Since the sediment cores were
finely laminated, it was possible to date the cores visually using
distinct marker beds (Fig. 1a) from large flood events which
were derived from runoff data of the Alpine Rhine River
(Wessels et al. 1995). This method was confirmed by radiomet-
ric dating using 210Pb and 137CS with other cores from nearby
(Bollhöfer et al. 1994). Age estimation of individual samples was
done using linear interpolation between marker beds (i.e., 1908,
1922, 1927, 1954, 1971/1972, 1987, 2005) and the sediment
surface (2010). A comparison between marker bed interpolation
and varve counting suggests a maximum dating error of � 3 yr
(Wessels et al. 1995).

Diatom analyses
Diatoms were prepared according to standard methods

described in Wessels et al. (1999): around 1 cm3 of wet sedi-
ment was suspended with 50 mL of H2O2 (30%) for one night.
Then, the samples were heated at 80�C until the end of the
reaction and subsequently were boiled with 5 mL of HCl
(10%) until the suspension became clear. Samples were finally
washed, centrifuged, and filled in 50 mL MilliQ-water. The
cleaned samples were placed on a slide and fixed permanently
with Naphrax® resin. For each slide 400 valves were counted
at 1000� magnification under a light microscope (Zeiss Axi-
oskop 40). Diatoms were identified at the lowest possible taxo-
nomic level using standard literature (Krammer and Lange-
Bertalot 1986), as well as recent and specific literature
(Håkansson 2002; Schmidt et al. 2004; Houk et al. 2010).

a) 2010

2005

1987

1971

1954

1927

1922

1908

0

20

40

60

80 b)
TPMIX
 TPJAS

T
P

 (
µ

g
 L

−
1
)

1920 1940 1960 1980 2000

7

8

9

10

11 c)

A
T

 (
°C

)

20 40 60 80

10

15

20

25

30

35

TPMIX (µg L
−1

)

T
P

J
A

S
 (

µ
g

 L
−
1
)

d)

Fig. 1. Photograph of the Lake Constance sediment core and dynamics of environmental drivers. (a) Sediment core photograph showing distinct layers
resulting from flooding events, (b) dynamics of TPMIX and epilimnetic summer TP (TPJAS), (c) dynamics of AT measured at the eastern part of the lake, (d)
relationship between TPJAS and TPMIX from the 1967 to 2010. The line in (d) shows a 5-yr moving average. Arrows and colors indicate the temporal
development (from dark purple [1967] toward yellow [2010]).
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Data analysis
For statistical analyses only diatom taxa with relative abun-

dance values exceeding 0.5% in at least one sample were used.
This resulted in a data set of 66 out of 148 diatom taxa which
contributed on average 98.4% to the total diatom content in
each sample. Cluster analyses and principal component ana-
lyses (PCA) were performed based on dissimilarity indices with
Hellinger transformed relative abundance data (Legendre and
Gallagher 2001). We run two types of cluster analyses: Depth-
constrained clustering was performed to identify the timing of
major shifts in the diatom community, whereas average-linkage
clustering was used to analyze whether most recent years were
still separated from oligotrophic periods prior to eutrophication.
A broken stick model identified four significant time zones dur-
ing the study period for both types of cluster analyses.

PCA results were visualized with biplots in which species
scores are scaled by PCA eigenvalues. Relationships between
PCA axes and the environmental variables (TPMIX, AT, and
year) were examined using the R function envfit. Significance
of environmental variables was assessed using a permutation
test (n = 999) (Oksanen et al. 2018). The temporal dynamics
of the PCA1 scores were analyzed with segmented regression
(Muggeo 2008). Performance of segmented regression models
with up to 3 breakpoints was compared with Akaike’s informa-
tion criterion corrected for small sample sizes (AICc) and the
model with the lowest AICc was chosen (Burnham and
Anderson 1998).

The presence of different trajectories, that is, TPMIX

responses of PCA axes during eutrophication and oli-
gotrophication and of their causes were examined using gener-
alized additive models (GAMs) for the period 1954–2010, that
is, the period when TPMIX values are available. For analyses,
TPMIX was log10 transformed. Axis dynamics might not show
any differences between eutrophication and recovery, that is,
in models with TPMIX as a predictor no residual patterns in the
GAMs should be detected. Alternatively, differences between
eutrophication and oligotrophication trajectories, that is, tem-
poral patterns of residuals, might be explained via hysteresis
and/or AT. Hysteresis was modeled either as a categorical vari-
able (“period”) distinguishing the eutrophication (up to 1979)
and recovery (since 1980) years, or via fitting separate smooth
functions of TPMIX for both periods [period + s(TPMIX, by
“period”)]. To distinguish between hypotheses, we run 8 GAMs
for each PCA axis with the following predictors or GAM
smooths of predictors [s(predictor)]:

m1: s(TPMIX), that is, axes scores are a smooth function of
TPMIX (eutrophication and recovery trajectories do not differ).

m2: s(TPMIX) + period, that is, axes scores are a smooth
function of TPMIX, but trajectories during eutrophication and
recovery periods differ by a constant value.

m3: s(TPMIX) + AT, that is, axes scores are a smooth func-
tion of TPMIX and AT caused different trajectories.

m4: s(TPMIX) + s(AT), that is, axes scores are smooth func-
tions of TPMIX and AT.

m5: period + s(TPMIX, by period), that is, axes scores are
smooth functions of TPMIX which differ between eutrophica-
tion and recovery periods.

m6: period + s(TPMIX, by period) + AT, that is, axes scores are
smooth functions of TPMIX which differ between eutrophication
and recovery periods, and are additionally influenced by AT.

m7: period + s(TPMIX, by period) + s(AT), that is, axes
scores are smooth functions of TPMIX which differ between
eutrophication and recovery periods, and are additionally
smooth functions of AT.

m8: s(AT), that is, axes scores are smooth functions of AT.
The above models provide tests of the alternative hypothe-

ses (a) no hysteresis in response to TP (m1), (b) hysteresis (m2,
m5), (c) pseudo-hysteresis due to AT (m3, m4), (d) hysteresis
and AT effects (m6, m7), and (e) solely AT effects (m8). Models
were ranked according to AICc and Akaike weights. For all
models, patterns in the residuals were examined. In addition,
all models were run with and without autocorrelated errors.
As models without autocorrelated errors (with the exception
of m1) outperformed models that included autocorrelated
errors, we report only models without autocorrelated errors.

To study uncertainty of dating, we run all 8 models
999 times, in which sediment layer ages (n = 25) were
randomly selected—without replacement—from the years
1954–2010 (n = 57), whereby selected years were ordered to
maintain a monotonically increasing sequence of ages. Only
the start and end years (1954 and 2010) were kept in all runs, as
those years could be identified with high certainty because they
represent a flooding layer and the top of the sediment core,
respectively. This randomization procedure is highly conserva-
tive as it allows for aging errors larger than has been estimated
for our dating method (� 3 yr, Wessels et al. 1995). For all itera-
tions we selected all best models according to AICc, that is,
those models which differ less than 2 in AICC from the model
with the lowest AICc (Burnham and Anderson 1998). In addi-
tion, we identified the truly best models for those
randomization runs in which the best model differed by more
than two from the 2nd best model. Hence, for each randomiza-
tion run there could be several models among the best models,
but only one or possibly no truly best model. Statistical analyses
were performed using R version 3.5.1 (R_Core_Team 2018) with
packages vegan (Oksanen et al. 2018), mgcv (Wood 2006), and
segmented (Muggeo 2008).

Results
Total phosphorus concentrations during winter mixing

(TPMIX) show that in the early 1950s the lake was still oligotro-
phic (i.e., TPMIX < 10 μg L�1), and increased rapidly toward a
maximum (87 μg L�1) at the end of the 1970s. Thereafter,
TPMIX decreased and was back to values ≤ 10 μg L�1 in the
2000s (Fig. 1b). Upper 20m summer averages (TPJAS) show sim-
ilar dynamics as TPMIX albeit with considerably lower maxima
during the eutrophic period and faster increase during
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eutrophication. Annual averages of ATincreased during the
last 100 yr by roughly 2�C with highest AT occurring since the
1990s (Fig. 1c). TPJAS concentrations showed CWH in respect
to TPMIX (Fig. 1d): TPJAS was high relative to TPMIX during
eutrophication when sewage plants were not in operation,
started to decline earlier compared to TPMIX after the onset of
sewage plants operation, and was low relative to TPMIX during
the recovery period. In the range of TPMIX between 35 and
75 μg L�1, TPJAS was on average 5.7 μg L�1 higher during the
eutrophication compared to the recovery period (Fig. 1d).

Diatoms in all layers of the core were composed mainly of
planktonic taxa (Fig. 2). Time-constrained cluster analyses sug-
gests four periods of diverging diatom communities. Samples
from the 1st period (1918–1935) (33.5–29 cm depth) were
dominated by Cyclotella species (up to 70% relative abun-
dance), for example, Cyclotella cyclopuncta, Cyclotella

pseudocomensis, Cyclotella comensis, and Cyclotella ocellata. Rela-
tive abundance of other taxa, for example, Fragilaria
crotonensis Kitton and Asterionella formosa Hassall, never
exceeded 6% in those early years. Cyclotella species decreased
around the 1930/1940s during the 2nd period (1939–1958)
concomitantly with the increase of F. crotonensis and the
appearance of Diatoma tenuis Agardh and Tabellaria flocculosa
Kützing (29–21 cm depth), the latter obtaining a relative
abundance > 50%. The 3rd time period (1960–1996) encom-
passes the period of strongly increasing and subsequently
decreasing TPMIX values, with increases of A. formosa as well as
Stephanodiscus species (e.g., Stephanodiscus minutulus Round
and Stephanodiscus hantzschii Grunow), and rapidly decreasing
relative abundances of T. flocculosa, which relative abundance
was below 1% or absent from 1963 until 1987. In the mid-
1970s for the 1st time the eutrophic species Cyclostephanos

a)
 C

yc
lo

te
lla

 c
yc

lo
p

un
ct

a

0 30

1920

1930

1940

1950

1960

1970

1980

1990

2000

2010

IV

III

II

I

32

30

28

26

24

22

20

18

16

14

12

10

8

6

4

2

0

%

y
e
a
r

d
e
p
th

 (
c
m

)

b
) 

C
yc

lo
te

lla
 p

se
ud

oc
om

en
si

s

0 2525

c)
 C

yc
lo

te
lla

 d
is

tin
g

ue
nd

a

0 33

d
) 

C
yc

lo
te

lla
 r

ad
io

sa

0 66

e)
 C

yc
lo

te
lla

 c
om

en
si

s

0 2525

f)
 C

yc
lo

te
lla

 s
te

lli
g

er
a

0 66

g
) 

Ta
b

el
la

ria
 fl

oc
cu

lo
sa

0 5050

h)
 D

ia
to

m
a 

te
nu

is

0 44

i) 
F

ra
g

ila
ria

 c
ro

to
ne

ns
is

0 88

j) 
S

te
p

ha
no

d
is

cu
s 

m
in

ut
ul

us

0 3535

k)
 A

st
er

io
ne

lla
 fo

rm
os

a

0 3030

l) 
S

te
p

ha
no

d
is

cu
s 

ha
nt

zs
ch

ii

0 1212

m
) 

S
te

p
ha

no
d

is
cu

s 
b

in
d

er
an

us

0 33

n)
 C

yc
lo

st
ep

ha
no

s 
in

vi
si

ta
tu

s

0 33

o)
 F

ra
g

ila
ria

 c
ap

uc
in

a

0 33

p
) 

S
te

p
ha

no
d

is
cu

s 
ne

oa
st

ra
ea

0 33

q
) 

A
ul

ac
os

ei
ra

 s
p

p.

0 44

r)
 S

te
p

ha
no

d
is

cu
s 

al
p

in
us

0 55

s)
 F

ra
g

ila
ria

 r
ad

ia
ns

0 1616

t)
 F

ra
g

ila
ria

 u
ln

a

0 1010

u)
 F

ra
g

iil
ar

ia
 p

in
na

ta

0 33

v)
 C

yc
lo

te
lla

 o
ce

lla
ta

0 44

w
) 

C
yc

lo
te

lla
 p

la
nc

to
ni

ca

0 66

C
yc

lo
te

lla

Ta
b

el
la

ria

F
ra

g
ila

ria

A
st

er
io

ne
lla

S
te

p
ha

no
d

is
cu

s

o
th

e
r

x
) 

g
e
n
e
ra

 c
o
n
tr

ib
u
ti
o
n
s

0 25 50 75 100

Fig. 2. Depth profile of the relative abundances of key diatom species (a–w) and of the contribution of genera Cyclotella, Tabellaria, Fragilaria,
Asterionella, Stephanodiscus, and others to the total assemblage (x). Zones depicted (I–IV) are based on depth-constrained clustering.

Milan et al. Clockwise hysteresis of diatom dynamics

2092



invisitatus Theriot, Stoermer, and Håkasson appeared and
Stephanodiscus species obtained relative abundances > 40%.
From the late 1980s onwards, Stephanodiscus species started to
decline and Fragilaria species achieved high relative abun-
dances compared to previous years. The return of Cyclotella
(C. cyclopuncta, C. ocellata, C. radiosa and C. planctonica)
reaching relative abundances > 30% characterized the most
recent layers (4th period, 1998–2010, 6–0 cm, Fig. 2), in which
also Stephanodiscus species and most of the planktonic Frag-
ilariaceae decreased (with the exception of Fragilaria ulna
Lange-Bertalot and Fragilaria pinnata Ehrenberg). From the
late-1980s onwards, T. flocculosa also increased, however,
without reaching its dominance of the 1940/1950s.

Average-linkage clustering without considering time con-
straints suggests four time periods, which largely agree with
those identified using time constrained clustering (Fig. 3a). In
a 1st step, the years 1918–1935, that is, the most oligotrophic
years were separated from the remaining years. In a 2nd step,
the most eutrophic years 1960–1992 were separated from the
oligo-mesotrophic periods 1939–1958 and 1994–2010. In a 3rd

step, the oligo-mesotrophic period during eutrophication
(1939–1958) was separated from the oligo-mesotrophic period
that occurred during recovery (1994–2010). The two clustering
methods differ only in grouping of the middle 1990s that were

still considered part of the eutrophic period in time-
constrained clustering, but part of the 2nd mesotrophic period
in average-linkage clustering.

The most oligotrophic years separated most strongly from
all other years in a PCA biplot (Fig. 3b) considering all study
years. The 1st axis explained 40.48% and separates the oligo-
trophic from the eutrophic years with highest absolute
loadings for Stephanodiscus minutulus occurring mostly in
eutrophic years and Cyclotella cyclopuncta and C. pseudoco-
mensis occurring mostly in oligotrophic years. The 2nd axis
explained 18.18% of the variation in diatom counts and sepa-
rates samples with a high relative frequency of T. flocculosa
from all other samples. The most recent years cluster together
with the late 1930s until early 1950s. The 3rd PCA axis
explained 12.29% of overall variability with axis scores line-
arly increasing with study year from the 1930 to recent years.
TPMIX, AT, and study year were correlated to 1st and 2nd axes
scores (Fig. 3b). Vectors of AT and study year point in the
same direction, with year showing a stronger relationship to
PCA axes. The correlation of TPMIX with the 2nd axis is inverse
to the correlations of AT and year to the 2nd axis.

Scores of the 1st PCA axis (Fig. 4) closely follow the dynam-
ics of log10-transformed TPMIX (r = 0.78, t23 = 5.9, p < 0.0001),
that is, linear change along PCA1 is associated with
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exponential dynamics of TPMIX. However, relative to the
change of TPMIX, change of PCA axis 1 scores is faster during
eutrophication as compared to the recovery period. Seg-
mented regression of the 1st PCA axis identified four different
periods of community change (Fig. 4, Table 1). A 1st period of
slow change during the 1st part of the 20th century was
followed by a decade of rapid change from 1951 until 1962.
From 1962 until 1985 PCA1 scores did not change signifi-
cantly, whereas thereafter, until the end of the investigation
period, the rate of change was intermediate (Fig. 4; Table 1).

The 1st and 2nd axes scores showed a saturating relationship
with TPMIX with little change above a TPMIX threshold of 30–
40 μg L�1 especially during eutrophication. In contrast, during
recovery, values of both axes started to decrease almost imme-
diately with decreasing TPMIX (Fig. 5). Hence, the responses
were asymmetric and showed CWH in respect to the direction
of trophic change. PCA1 scores of the 2000s returned back to
the scores of the 1950s (Fig. 5a), whereas PCA2 trajectories
during eutrophication and recovery crossed resulting in scores
of the 2000s larger than those of the 1950s (Fig. 5b).

For all three PCA axes, all models receiving support (Akaike
weights > 0.01) included TPMIX trajectories differing between
eutrophication and recovery and supporting hysteresis
(models m5, m6, m7, Table 2). Model m5 that did not include
an additional effect of AT received 10 and 2 times more

support according to Akaike weights relative to m6 or m7 for
PCA axis 1, respectively PCA axes 2 and 3. Effects of AT in
models m6 and m7 were only significant for PCA axis 2, but
not for PCA axes 1 and 3 (Table 2).

The randomization approach strongly supported the rank-
ing of models based on non-randomized layer ages (Table 2
and Fig. 6). Model m5 was most often selected as truly best
model, that is, AICc was lower by 2 units as the 2nd best
model, as well was most often among the best models, that is,
AICc was less than 2 units higher compared to the best model.
Models testing for pseudo-hysteresis (m3 and m4) or with
s(AT) as sole predictor were never selected as truly best model
for axes 1 and 3 scores, and hardly for axis 2 scores (1% m4).
Likewise, these models were also in the minority of runs
among the best models. Model m1 was selected in 8% of
model runs as best model for PCA axis 1. However, in these
models a temporal pattern in the residuals was still apparent.

Discussion
Diatom community change in Lake Constance was strongly

influenced by an increase and subsequent decrease of phos-
phorus concentrations. We identified four periods of change:
a period of slow community change until the early 1950s, a
decade of rapid community change during the 1950s/early
1960s, 21/2 decades of rather stable community composition,
and from the mid-1980s toward 2010 a reversal of community
composition similar to the one observed in the early 1950s.
Hence, the community shifted within one decade (1954–
1962) from one still typical for oligotrophic conditions to one
typical for eutrophic conditions, but returned to the former
composition within a period of ~ 25 yr (1986–2010), that is,
the diatom community trajectories relative to TPMIX showed
CWH dynamics.

These conclusions are unlikely affected by errors in dating
of sediment layers as flood layers allowed for precise dating of
individual events throughout the study period and dating of
other layers via linear interpolation introduced a maximum
error of � 3 yr (Wessels et al. 1995). Our randomization
approach of sediment layer dating, which allowed an even
larger error as detected by Wessels et al. (1995) did also sup-
port our conclusions. Finally, dating accuracy is also
supported via comparison of diatom remains with plankton
counts (Auerbach et al. 1924; Grim 1939; Lehn 1969;
Kümmerlin and Bürgi 1989; Sommer et al. 1993). For example,
there is a remarkable accordance with the plankton time series
available for T. flocculosa: according to Grim (1939), this spe-
cies, identified as T. fenestrata, was not present in the lake in
1935, but dominated the pennate community in 1939. Sam-
pling in the 2nd half of the 20th century revealed that
T. flocculosa strongly declined in the early 1960s (Lehn 1969)
and increased again only from the mid-1980s onwards
(Kümmerlin 1998). Strikingly similar dynamics of this species
is observed in the data based on diatom remains in the
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and measured TPMIX (blue line). TPMIX is shown on a log-transformed axis.
Black lines represent the fit of a segmented regression model (Table 1)
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rectangles). The black rectangles at the top of the graph show the diatom
zonation revealed by time constrained clustering.

Table 1. Changes in slopes of PCA1 scores vs. time resulting
from a segmented regression model.

Slope � SE 95% CI t value

1918–1953 0.0052 � 0.0008 [0.0035, 0.0069] 6.26

1954–1962 0.0375 � 0.0057 [0.0258, 0.0493] 6.54

1963–1985 0.0003 � 0.0012 [�0.0021, 0.0028] 0.28

1986–2010 �0.0121 � 0.0011 [�0.0143, �0.0099] �11.38

Milan et al. Clockwise hysteresis of diatom dynamics

2094



sediment core, for example, low relative abundances (< 0.1%)
in 1935, high relative abundance in 1939 (~ 25%) and thereaf-
ter, strong decline during the early 1960s and slow increase
from the late-1980s onwards.

We used three different methods to group sediment layers:
segmented regression of PCA1 scores and two clustering
methods. The clustering methods provided rather similar
results, considered all diatom taxa, but provided a rather static
view of diatom dynamics. In contrast, grouping of years iden-
tified by segmented regression was based on 40% of diatom
variability represented by the 1st PCA axis, but allowed a
rather dynamic view of changes which occurred also within
the groups of years identified by cluster analyses. This
approach suggests that the diatom community neither at the
start nor at the end of the time series was in a stable state, and
allows a quantification of the rate of change during various
periods of community dynamics.

Based on the segmented regression results, we identified
four periods of community change: slow community and
rapid community response to eutrophication, community sta-
bility above a threshold of 30–40 μg TP L�1, and community
response during recovery. These periods are supported by vari-
ous independent time series: Changes in the 1st half of the last
century are not well documented, but an increase in fishery
yield during this period (Eckmann and Rösch 1998) suggests
increases in lake productivity. In contrast, the rapid changes
occurring during the 1950s are documented for several food
web components (Lehn 1969; Walz et al. 1987). Likewise, the
community changes observed during early eutrophication,
that is, before the 1950s, and accelerated eutrophication, for
example, the decline of Cyclotella species, increases of
A. formosa, Stephanodiscus species and Aulacoseira spp. agree
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Table 2. Lists of the five best models predicting PCA axes 1–3
scores dynamics based on Akaike information criterion corrected
for small sample size (AICc). The relative support for each of the
models is given as model weight. Factors and smooth functions
written in bold were significant at p < 0.05. See “Materials and
methods” section for a description of all eight models compared.

PCA axis 1
Model df dAICc Weight

m5: Period + s(TPMIX, by = period) 7.9 0 0.847

m6: Period + s(TPMIX, by = period) + AT 8.8 4.8 0.08

m7: Period + s(TPMIX, by = period) + s(AT) 8.8 4.8 0.08

m2: Period + s(TPMIX) 6.6 17.8 <0.0001

m1: s(TPMIX) 5.2 17.9 <0.0001

PCA axis 2
Model df dAICc Weight

m5: Period + s(TPMIX, by = period) 7 0 0.48

m6: Period + s(TPMIX, by = period) + AT 8.4 1.2 0.26

m7: Period + s(TPMIX, by = period) + s(AT) 8.4 1.2 0.26

m4: s(TPMIX) + s(AT) 4 24.3 <0.001

m3: s(TPMIX) + AT 4 24.3 <0.001

PCA axis 3
Model Df dAICc Weight

m5: Period + s(TPMIX, by = period) 5 0 0.57

m7: Period + s(TPMIX, by = period) + s(AT) 6 2.0 0.21

m6: Period + s(TPMIX, by = period) + AT 6 2.0 0.21

m2: Period + s(TPMIX) 4 37.9 <0.001

m3: s(TPMIX) + AT 4 37.9 <0.001

Note: Factors and smooth functions written in bold were significant at p
< 0.05.
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well with a previous study of Lake Constance diatoms
(Wessels et al. 1999), and with studies on other peri-alpine
lakes (Alefs and Müller 1999; Marchetto et al. 2004; Bigler
et al. 2007; Thies et al. 2012; Berthon et al. 2014; Milan
et al. 2015). The finding of rather stable community composi-
tion during 1962–1985 is supported from long-term data of
phytoplankton, which showed constant annual average phy-
toplankton biomasses from 1965 to 1990, that is, above a
TPMIX threshold of 30–40 μg L�1 (Jochimsen et al. 2013).

The diatom community showed a large degree of reversibil-
ity based on PCA and cluster analyses. The degree of reversibil-
ity should be judged by a comparison of most recent years
with those of the early 1950s, as current TPMIX concentrations
are similar to those of the 1950s, but likely higher than those
of the 1920s (Straile 2015). Hence, if we assume phosphorus
to be the dominant driver of diatom community composition,
we cannot expect that diatoms will return to the community
composition of the 1920s, but only to those of the 1950s. PCA
axis 1 scores of the 2000s indeed returned to values, which
were typical for the early 1950s. In addition, cluster analysis—
when dividing all years into three distinct groups—suggests
one cluster combining all oligo-mesotrophic years indepen-
dently whether this trophic status occurred during eutrophica-
tion or during recovery. This is supported by plankton
measurements showing that diatom species which declined
below detection level during eutrophication were found again
with recovery, and vice versa, species rising above detection
level with eutrophication disappeared again, or at least
strongly decreased in relative abundance (Kümmerlin 1998).
Such a high degree of reversibility was not observed in a set of
12 lakes studied by Bennion et al. (2015). Only in their two
deepest lakes (Lake Bled, Slovenia, and Lake Mjøsa, Norway) a
significant reversal toward the pre-eutrophication flora was
observed, whereas for more shallow lakes results were unclear.

Likewise, in two deep peri-alpine French lakes, Lake Bourget
and Lake Geneva, a rather high degree of reversibility was
observed (Berthon et al. 2014). As in Lake Constance, also in
these lakes PCA1 scores explained roughly 40–50% of diatom
variability, and in recent years closely approached the scores
of the 1950s (Berthon et al. 2014). Hence, our data support
results from other deep lakes showing that diatom community
composition may show considerable recovery.

However, in addition to previous studies, our data show dif-
ferent trajectories during eutrophication vs. recovery, that is,
at similar TPMIX, diatom community status differed between
the eutrophication and recovery periods. Our GAM results
suggest that this hysteresis is unlikely explained by a tempera-
ture increase (pseudo-hysteresis), but more likely a direct
response to eutrophication and recovery (true CWH). Air and
water temperatures increased most strongly during the late
1980s (Jochimsen et al. 2013), that is, during the recovery
period. This suggests that AT should also contribute signifi-
cantly to models examining only this period. However, when
running a PCA only for the recovery period, there was only
one significant axis according to the broken stick model, and
axis dynamics were strongly related to TPMIX without any evi-
dence for a role of AT (analyses not shown). Therefore, AT
potentially only played a (weak) role in models when both the
eutrophication and recovery periods were considered in statis-
tical analysis, that is, only if there was a possibility that hyster-
etic dynamics might be erroneously attributed to warming
effects.

CWH is further supported by the dynamics of epilimnetic
TPJAS concentrations that also were higher during eutrophica-
tion compared to recovery. Such differences might be
expected given that during the eutrophication period, there
was hardly any P elimination in sewage plants in the catch-
ment of Lake Constance in operation. Although 1st sewage
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plants were built in the 1960s, it took until 1972 until 24% of
the wastewater was treated with phosphorus elimination
(Mürle et al. 2004). Thereafter, phosphorus elimination in
sewage plants rose rapidly to 88% in 1985 and 97% in 2001
(Mürle et al. 2004). That is, during eutrophication, a large
amount of phosphorus was entering the lake close to the sur-
face, throughout the year, and was immediately available for
boosting phytoplankton production in the epilimnion. While
this inflow also contributed to an increase of TPMIX, the
increase of TPMIX occurred more slowly because of the much
larger volume of the overall water body compared to the epi-
limnion. In contrast, during the recovery period, the year-
round supply of phosphorus into upper water layers and thus
productivity was strongly reduced thereby likely also affecting
epilimnetic producers rather immediately and more rapidly
compared to whole water column phosphorus concentrations,
that is, TPMIX. However, as during early recovery TPMIX was
still high, epilimnetic productivity drew strongly from phos-
phorus supplied during winter mixing period. Hence, the
reduction of the year-round phosphorus supply during the
recovery period increased the relative importance of winter
mixing for the annual phosphorus supply, and likely explains
the close association of TPMIX with PCA axis 1 dynamics dur-
ing the recovery period (Fig. 4).

Hysteretic dynamics in response to phosphorus changes are
also evident in studies analyzing growth rates (Thomas and
Eckmann 2007) and stable isotope signatures (Gerdeaux and
Perga 2006) of whitefish (Coregonus wartmanni), the dominant
planktivorous fish in Lake Constance. Slower whitefish growth
at similar TPMIX during recovery vs. eutrophication were
suggested to be due to density dependent growth and fishery-
induced evolution (Thomas and Eckmann 2007). More nega-
tive δ13C signatures at similar annual average TP concentra-
tions during recovery vs. eutrophication were suggested to be
due to climate warming (Gerdeaux and Perga 2006). That is,
according to the results in these studies and the definitions
used in this paper, the observed patterns were pseudo-hyster-
etic. However, a lower TPMIX specific productivity during
recovery vs. eutrophication (see above) indeed predicts lower
TPMIX specific whitefish growth rates and less negative TPMIX

specific δ13C values during recovery vs. eutrophication. Hence,
the patterns presented in the two whitefish studies can be
explained more parsimoniously without the need of addi-
tional drivers (e.g., warming or fishery-induced evolution),
and thus support the presence of true CWH. Unfortunately, as
the CWH hypothesis for deep lakes is novel and thus could
not be considered ~ 15 yr ago, Gerdeaux and Perga (2006) and
Thomas and Eckmann (2007) did not test explicitly between
these two alternative hypotheses, that is, true CWH
vs. pseudo-hysteretic dynamics due to warming or fishery
induced evolution.

The dynamics of the 2nd PCA axis was primarily driven by
T. flocculosa, which relative abundances decreased after 1954,
strongly declined in the 1960s, and finally increased after the

mid-1980s. The decline after the 1950s and later increase rela-
tive to TPMIX was initially also CWH (Fig. 5b). However, rela-
tive abundances of T. flocculosa during recovery did not reach
similar relative abundances as those in the 1950s resulting in
a crossing of eutrophication and recovery trajectories for PCA
axis 2. AT contributed significantly to the 2nd best model
(m6) explaining PCA2 scores, which might suggest that the
increase of AT contributed to the reduced relative abundance
with recovery. However, an opposite pattern was observed in
Lake Mjøsa, Norway, in which relative abundances of
T. flocculosa with recovery were higher than those observed
with early eutrophication, a difference which was suggested to
be due to warming (Hobaek et al. 2012). This shows that more
work is needed to establish a thorough understanding of tem-
perature effects on diatom dynamics. However, Tabellaria
dynamics might also result from competition between diatom
species and priority effects (Young et al. 2001). For example,
experimental work showed that Tabellaria fenestratra, a close
relative of T. flocculosa, was not able to invade F. crotonensis
cultures under phosphate limited conditions, but vice versa
(Tilman and Sterner 1984). This might suggest that
T. flocculosa was not be able to increase abundances in the
presence of competitively superior taxa under recovery condi-
tions of low phosphorus supply, but during the high and uni-
mpeded phosphorus supply into the euphotic zone prior to
the establishments of sewage plants. Hence, differences in
phosphorus supply in combination with priority effects might
also drive differences in trajectories between the eutrophica-
tion and recovery periods.

Although we did not find strong evidence for effects of
warming on diatom dynamics, this does not imply that
warming had no influence on Lake Constance ecosystem
dynamics. In contrast, climate change and variability have
been shown to affect water column temperatures (Straile
et al. 2003, 2010; Fink et al. 2014) and plankton phenologies
(Straile 2000; Peeters et al. 2007; Seebens et al. 2007; Straile
et al. 2015). Changes in water temperatures from 1965 toward
the end of our study period were best described as a stepwise
increase at the end of the 1980s (Jochimsen et al. 2013), sepa-
rating years with rather stable annual average temperature
before and after this stepwise increase. Biomass of various phy-
toplankton groups, including diatoms, has been found to be
strongly influenced by phosphorus concentrations; however,
no influence of water temperature change was detected
(Jochimsen et al. 2013), which supports the results of this
study. Hence, analyses of long-term data suggest strong phe-
nological responses, but no annual mean responses of plank-
ton to warming in Lake Constance. As the sediment record
will preliminary report abundances averaged across several
years, the absence of a strong climatic signal in the sedimen-
tary record does not contradict the observed phenological
responses to climate variability in long-term time series. Nev-
ertheless, we cannot exclude that warming contributed also to
the sedimentary diatom dynamics as weights for models
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including AT as a predictor reached up to 10% for axis 1, 26%
for axis 2, and 21% for axis 3. However, models not including
a role of AT received substantially more support suggesting
that true CWH is a previously overlooked pattern for the
response of deep lakes to increases and declines of nutrients.

To conclude, our study shows CWH of diatom community
structure and of epilimnetic summer TP relative to TPMIX. The
latter suggests that the diatom CWH is a response to changes
in one stressor, that is, phosphorus, mediated by the differ-
ences in the distribution of phosphorus within the water col-
umn between eutrophication and recovery. In contrast, our
analyses found only week support for the alternative hypothe-
sis that warming contributed significantly to the observed hys-
teresis, that is, for pseudo-hysteretic dynamics. Future studies
analyzing eutrophication and recovery in deep lakes should
consider CWH as a hypothesis to explain differences between
eutrophication and recovery trajectories.

Data availability statement
Data presented in this study are available within the PAN-

GEA repository at https://www.pangaea.de.
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