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Abstract

Purpose This field study aimed to guide the planning of iron amendments for phosphorus retention by investigating the long-
term fate of iron added to two urban lakes (Plotzensee and Grofl Glienicker See) in Berlin, Germany. The contributions of
iron dosing to improve lake status as well as the relevance of competing processes for management success were evaluated.
Methods Sediment stratigraphy, as well as occurrence of iron minerals, and fluxes between water and sediment were exam-
ined using geochemical analyses (i.e. element composition, sequential extraction, X-ray diffraction, and pore water analyses).
A one-box lake model was used to relate these fluxes to monitoring data from the water column and to sediment inventories.
Results In both lakes, the added iron was preserved in the sediment. Whereas phosphorus retention increased following
the addition of iron to Grof3 Glienicker See, sulphur was retained by the excess iron in Plotzensee. This contrasting effect
is attributed to significantly different sulphate reduction rates in two lakes (Wilcoxon rank sum test: W=25, p=0.008).
According to the one-box model, sulphate reduction explained both the decrease in measured sulphate concentrations after
iron application as well as the observed increase in sulphur deposition in the sediments.

Conclusion Management interventions involving iron amendments to enhance phosphorus retention must consider the
competing process of iron sulphide formation during the entire management plan period, and additional iron may need to
be applied to account for this effect.

Keywords Iron dosing - Lake restoration - Management implications - Minerals - Sulphur cycling - Long-term field study -
One-box model

1 Introduction

Iron (Fe) dosing is a logistically and financially feasible
management tool for reducing phosphorus (P) concentra-
tions in small- and medium-sized freshwater lakes (Orihel
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et al. 2016). The efficiency of the method is thought only to
be applicable under aerobic conditions (Liirling et al. 2016;
Jilbert et al. 2020), when Fe is precipitated as ferric particles
that bind P. In the hypolimnion and at the sediment—water
interface (SWI) of lakes and reservoirs, acrobic conditions
do not usually occur throughout the year. Importantly, several
studies indicate that anaerobic conditions decrease the effec-
tiveness of Fe amendments because of Fe reduction and sub-
sequent dissolution of Fe and P (Liirling et al. 2016; Jilbert
et al. 2020). However, it has been shown that P can also be
retained by Fe under anoxic conditions, e.g. through the for-
mation of the ferrous mineral vivianite, Fe>*5[PO,], - 8 H,0
(Berner 1981; Rothe et al. 2016). Vivianite formation in labo-
ratory and field studies (Rothe et al. 2014; Heinrich et al.
2021) indicates that anoxic Fe reduction and subsequent
dissolution of Fe and P are not the reasons for the failure
of Fe amendments. Precipitation of vivianite was found to
have a long-term effect on P retention via Fe dosing in Grof3
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Glienicker See, an urban lake in Berlin, Germany (Kleeberg
et al. 2013; Rothe et al. 2014).

Nevertheless, the effect of Fe amendments on P reten-
tion is often only short lived (Cooke et al. 1993; Immers
et al. 2015). Indeed, several competing binding partners
such as organic matter, sulphur (S), silicon, and carbonate
can inhibit the coupling of P to ferrous Fe (Davison 1993;
Hartikainen et al. 1996; Kleeberg et al. 2013). A key ques-
tion is which sediment properties or processes at the SWI
determine the long-term success of P retention by Fe amend-
ments; according to a critical review by Wang and Jiang
(2016) on the use of chemicals for in-lake P precipitation,
detailed investigation of the biogeochemical behaviour of
precipitants (e.g. Fe), target elements (i.e. P) and competing
binding partners (e.g. carbonate, organic matter, and S) is
still required. Field studies examining the sediment com-
position and processes at the SWI alongside the long-term
fate of Fe dosing can provide insights into the relevance and
mechanisms of the competing reactions. Except for a few
well-investigated lakes such as Grof3 Glienicker See (Wolter
2010; Kleeberg et al. 2013; Rothe et al. 2014), long-term
field studies of Fe and P interactions at the SWI exceeding a
few years after Fe dosing remain lacking (Boers et al. 1994;
Deppe and Benndorf 2002; Liirling et al. 2016).

The competitive effect of S binding to Fe has been fre-
quently discussed (Ohle 1953; Caraco et al. 1993; Lamers
et al. 2002; Rothe et al. 2016; Kelly Vargas and Qi 2019; Zak
et al. 2021). Sulphide competing for Fe with P may originate
either from decayed organic matter or the reduction of dis-
solved sulphate at the SWI. The origin of competing S is
important, as the requirements for managing these sources
may differ; however, field data on the underlying mechanisms
of S outcompeting P for Fe binding sites remain scarce.

Competing reactions also need to be considered in the
planning and management of Fe amendments (Immers et al.
2015). Generally, the planning and management of in-lake
measures with the overall goal of increased P retention
require multiple steps. According to Liirling et al. (2016)
and Bakker et al. (2016), a system analysis needs to be car-
ried out to reveal the biological structure as well as the main
water and P flows in lakes. Specifically, the water balance
and retention time, external P loading rate, P sedimentation
rate, and P flux from the sediment need to be determined
(Schauser et al. 2003; Liirling et al. 2016). Anthropogenic
P sources often need to be reduced to achieve an effective
reduction in P loadings (Kelly Vargas and Qi 2019). For
the calculation of the required Fe dosage, Kleeberg et al.
(2013) considered not only unavoidable external and inter-
nal P loadings but also the competing Fe demand of organic
carbon (C,,,) and sulphide. Field studies investigating the
long-term fate of in-lake dosed Fe can help verify Fe dos-
age calculations and improve management procedures of Fe
amendments.

Our study aims to understand the long-term fate of in-
lake Fe dosing and, based on this knowledge, evaluate and
improve the planning and management procedures for Fe
amendments for P retention. In the two study lakes, Fe
amendments were carried out 2 and 3 decades ago, respec-
tively. Starting before these periods of Fe amendment up to
the present, we investigate the sediment stratigraphy in the
lakes, the occurrence of Fe minerals, and the fluxes between
the water and sediment. This allows us to assess whether and
how the Fe dosing has contributed to an improved lake status
over long-term periods. Furthermore, we evaluate whether
and which competing processes have determined the success
of the management measures with respect to long-term P
retention. Based on our analysis, we compare planning and
managing approaches to Fe amendments and make recom-
mendations for improvement.

2 Methods
2.1 Study sites

The lakes Grof3 Glienicker See and Plotzensee are dimic-
tic subglacial channel lakes without surface inflows and
outflows in Berlin, Germany. Grof3 Glienicker See is both
larger and deeper than Plotzensee (Table 1). During sum-
mer stratification, the hypolimnion of Plotzensee begins at
a depth of approximately 3—4 m (ILAT Berlin 2003). There-
fore, the hypolimnetic area comprises roughly 50% of the
lake (Senatsverwaltung fiir Stadtentwicklung Berlin 2002).
In Grof3 Glienicker See, the metalimnion begins at a depth of
approximately 67 m (Kleeberg et al. 2013), with approximately
60% of the lake area in the hypolimnion (Senatsverwaltung
fiir Stadtentwicklung Berlin 2002). The catchment
area of Grof3 Glienicker See comprises urban settlements,
agricultural land, and forests, whereas the considerably
smaller Plotzensee catchment encompasses parks, cemeter-
ies, and allotment gardens. Both lakes are used for recreation
(i.e. bathing and fishing).

Table 1 Location, area, maximum depth, water residence time, and
the area of the catchment and hypolimnion of Grof3 Glienicker See
and Plotzensee. Superscripts indicate references: 'Wolter (2010),
2[LAT Berlin (2003), *Kleeberg et al. (2013)

GroB Glienicker See  Plotzensee
Location 52.469024 52.542753

13.114366 13.331677
Area (ha) 68! 1.7
Maximum depth (m) 11 6.2°
Water residence time (yr) 223 2-5?
Catchment area (ha) 160 000" 4?
Hypolimnetic area (% km? km™2) 50 60
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The trophic state of both lakes deteriorated in the late
twentieth century. In Grof3 Glienicker See, inputs of waste-
water from leaking septic tanks and from the direct discharge
of poorly treated wastewater from a military base were
assumed the cause of the change (Wolter 2010). In Pl6tzen-
see, high inputs of P from bathers as well as the release of
legacy P accumulated in the sediments were identified as the
main reasons for eutrophication (ILAT Berlin 2003). Due
to the eutrophic state of both lakes, Fe amendments were
applied as part of a package of management interventions.
Iron (500 g Fe m~2) was added to GroB Glienicker See in
winter 1992/1993 as 50% solid ferric hydroxide and 50% dis-
solved ferric chloride (Wolter 2010). Furthermore, between
1992 and 1998, Grof} Glienicker See was continuously aer-
ated, and the external P load was bypassed and eliminated
(Deneke and Mischke 1995; Wolter 2010). In comparison,
150 g Fe m~2 was added to Plstzensee in November 2000
by applying ferric hydroxide together with nitrate as an
oxidising compound (ILAT Berlin 2003). Before the Fe
amendment, the upper layers of sediment (approximately
60 000 m®) were removed from Plotzensee. The maximum
water depth did not increase because of the dredging. Fur-
ther, an external P-removal plant was operated for approxi-
mately 1 year. The sanitary facilities at the public baths were
also modernised, and the shore was protected against leaf
litter inputs and bank erosion using palisades.

After the management measures, the status of both lakes
improved both in the short- and long-term. In the water
column of Grof} Glienicker See, total P and chlorophyll-a
concentrations decreased, water transparency improved, and
macrophytes began to dominate over phytoplankton (Wolter
2010; Kleeberg et al. 2013; Rothe et al. 2014). In Plotzen-
see, total P and chlorophyll-a concentrations also decreased,
water transparency improved, and macrophytes began to
establish (ILAT Berlin 2003; Enviteam & LimPlan 2018).

2.2 Sediment sampling and analyses

Sediment cores (60 mm in diameter) were retrieved from
the deepest parts of both lakes (Grof3 Glienicker See: June
2020, Plotzensee: October 2019) using a gravity corer
(Uwitec). After sampling, the cores were stored in the
dark at 5 °C. The cores were subsequently cut into hori-
zontal layers of either 10 or 20 mm. The fresh muddy dark
brown to black sediments were homogenised by stirring,
and the subsamples for sequential P extraction, dry weight
(DW) determination, and loss on ignition (LOI) were taken
before freezing and freeze-drying the remaining material.
The dry samples were ground in an agate mortar.

The determination of DW and LOI of the samples was
performed gravimetrically (Sartorius research R 160 P,
Sartorius) after drying and combusting a subsample of
approximately 1 g at 105 °C and 450 °C (3 h), respectively.

@ Springer

Organic carbon content (C,,,) was estimated as 50% g g !
of organic matter determined from LOI following Kleeberg
et al. (2013).

For six selected samples from Grof3 Glienicker See
and eight from Plotzensee, P fractions were distinguished
according to Psenner et al. (1984) as modified by Hupfer
et al. (1995). The fractions were characterised and named
by the extracting agents. Loosely surface-adsorbed P was
released using a N, saturated 1 M ammonium chloride
(A) solution, and redox-sensitive bound P was released
using a 0.11 M bicarbonate/dithionite (BD) solution.
Both fractions were determined after digestion of total P
(TP) in potassium persulfate. The fraction dissolved by
1 M sodium hydroxide (NaOH) was further distinguished
based on soluble reactive P (SRP) and non-reactive P
(NRP), which was calculated as TP after digestion by
potassium persulfate minus the SRP concentration. NaOH-
SRP indicated P bound to, e.g. Fe oxides (Psenner et al.
1984) and vivianite (Rothe et al. 2015). NaOH-NRP was
used as a measure of P released from organic material. P
enclosed in carbonates was extracted with 0.5 M HCI and
determined after digestion of TP, and finally, residual P
was released by digestion of the remaining material. The
TP content of the freeze-dried and ground subsamples was
determined after wet digestion with one part H,O, (30% V
V~!) and one part H,SO, (5 M) at 120 °C. P was measured
in the solutions using the ammonium molybdate method
(DIN EN ISO 6878).

The elemental content (Fe, S, and P) of all the sediment
layers was determined by inductively coupled plasma opti-
cal emission spectrometry (ICP-OES, iCAP 7000series,
Thermo Scientific) after aqua regia digestion (one part
37% V V™! HCI and three parts 65% V V™! HNO;) of
the freeze-dried and ground samples in a high-pressure
microwave oven (uPrep-A, MLS 169 GmbH). This method
extracts a majority of Fe phases from the sediment, exclud-
ing Fe bound in silicates, which is not reactive in early
diagenesis (Rothe et al. 2015). The selected subset elemen-
tal analyses of total S and C,,, after vaporising inorganic
carbon using 1 M HCI were carried out with a Vario EL
(Elementar Analysensysteme GmbH). According to the
applied methods, total S contained acid volatile sulphide,
sulphate, and other sulphur species such as organic S. Dis-
solved sulphide might have evaporated during the sample
preparation. In case all dissolved sulphide was lost, the S
content decreased by approximately 6% in the upper sedi-
ment layer of Plotzensee.

All results are reported as single values for distinct sedi-
ment layers or as mean values and standard deviations for
sediment sections.

X-ray diffraction (XRD) analyses were carried out on a
D2Phaser (Bruker) equipped with a Cobalt X-ray tube and
an SSD160 detector (active length= 12 mm) between 12 and
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85° 20 using a rotating sample holder (30 rotations min~").
The step size was 0.02° 20, and the measurement time was
2 s step~!. Measurements were carried out using a 1-mm
fixed divergence slit, 2.5° primary and secondary soller col-
limator, a fixed knife edge (3 mm above the sample surface),
and a Fe k-beta filter (0.5). Qualitative phase analysis was
conducted using DIFFRAC.EVA V5.2 (Bruker) and the
Crystallography Open Database (Grazulis et al. 2009). Qual-
itative analyses and quantitative estimations were carried
out using the Rietveld refinement software Profex/BGMN
(Bergmann et al. 1998; Doebelin and Kleeberg 2015). For
quantitative estimations, one Fe-rich sample per lake was
prepared by adding 10% g g~! corundum (Baikowski) as an
internal standard and subsequent hand-milling and intimate
mixing with an agate mortar and pestle. The samples were
then filled in the XRD holders using the top-loading tech-
nique. The quantitative scans were carried out on the same
device between 5.7 and 120° 20 using a rotating sample
holder (10 rotations min~"). The step size was 0.02° 20, and
the measurement time was 8 s step™'. The measurements
were carried out using a 0.6-mm fixed divergence slit, 2.5°
primary and 4.0° secondary soller collimator, a fixed knife
edge (3 mm above the sample surface), and a Fe k-beta filter
0.5).

2.3 Pore water sampling and analyses

The pore water profiles at the SWI were obtained by in situ
dialysis samplers (Hesslein 1976) with a vertical resolution
of 10 mm and two neighboured lines of 58 chambers, respec-
tively. The chambers, covered by a 0.2-um polyethersulfone
membrane (Supor®200, Pall Corporation), were filled with
Millipore water (0.055 uS cm™") and degassed with nitrogen
for 24 h to remove oxygen. Subsequently, the samplers were
installed at the deepest points of the lakes for more than 13 d
during the summer stratification period.

The pore water samples were collected from the in situ
dialysis samplers with syringes through the membrane. Sul-
phide samples (1 mL) were fixed in 1% g g~! zinc acetate
solution (200 pL) and measured photometric following the
methylene blue method (Cline 1969). Sulphate was deter-
mined by ion chromatography (Metrohm) with detection via
conductivity (DIN EN ISO 10304-1) in a sample aliquot
of 1 mL. One subsample was fixed using hydrochloric acid
immediately after sampling and was used to analyse the total
dissolved Fe concentrations of the pore water via ICP-OES
(AiCAP 7000series, Thermo Scientific), SRP following the
ammonium molybdate method (DIN EN ISO 6878) and
nitrate (DIN EN ISO 13395), both using segmented flow
analysis (Skalar Scan + +, Skalar Analytical B.V.). All sam-
ples were stored at 5 °C before analysis, and all measure-
ments were performed in duplicate.

Reaction rates at and below the SWIs were calculated
from pore water profiles following Wang et al. (2008)
assuming only molecular diffusion (significance level =0.05
with a minimum of three data points per reaction zone). All
diffusion coefficients were retrieved from Schulz and Zabel
(2006) for each lake’s median bottom temperature at the
month of sampling. For Grof3 Glienicker See, temperature
data from 2012 to 2014 with a 2-h resolution were used. For
Plotzensee, monthly temperature measurements from 2010,
2012, 2015, 2018, and 2020 were available. For sulphate,
the molecular diffusion coefficient was 6.79 « 107 cm? s~
(10 °C) for GroB Glienicker See and 7.86 « 107% cm? s™!
(15 °C) for Plotzensee. For sulphide in Plotzensee, a
molecular diffusion coefficient of 14.6 « 1076 cm? 57!
(15 °C) was used for the species HS™ (50% mol mol~!) and
H,S (50% mol mol~!) assuming neutral pH at the SWI.
The uncertainties of the reaction rates were calculated
according to Wang et al. (2008) with a relative precision of
0.1 and 50 random concentration profiles.

The mean sulphate reduction rates (SRRs) and the stand-
ard deviations were calculated from five pore water profiles
per lake, which were sampled after the Fe amendments and
without any other active management measure, such as aera-
tion. The pore water profiles were derived from September
and June 2001, July and September 2002, and June 2020 for
Plotzensee and from September 2004 and 2008, June and
September 2009, and September 2020 for Grof3 Glienicker
See. Three of the sulphate profiles are included in Kleeberg
et al. (2013). For Plotzensee, the SRR before Fe addition was
determined from the sulphate profiles of four dialysis sam-
plers distributed over the lake in October 1998. Dissolved
oxygen in the water column was measured by Multiparam-
eter Water Quality Sonde (6600 V2, YSI) at the days of plac-
ing and retrieving the dialysis samplers in September 2020.

2.4 One-box model for annual in-lake sulphate
concentrations after iron dosing

A one-box model designed to calculate P concentrations
after lake restoration measures, such as P precipitation,
under steady-state (Gichter and Imboden 1985) and non-
steady-state conditions (Hupfer et al. 2016) was adapted to
model the effect of Fe dosing on sulphate concentrations.
The coefficients of the one-box model were retrieved from
the literature (Table 1; water residence times, t) and calcu-
lated from the sediment and pore water analyses. For the
calculation, sulphate reduction was assumed to occur only
at the SWI in the hypolimnion. The sulphate concentration
of the external load, S;,, was determined by the steady-state
condition after the Fe dosing. Finally, the net sulphate depo-
sition per sulphate mass of the entire lake volume, ¢, before
the Fe amendments was required to match the steady-state
condition before the management measure. The stratification
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factor, B, was approximated as 1, as the mean annual out-
flow concentration was assumed to equal the annual mean
sulphate concentration of the lakes.

The one-box model was used to compute non-steady-
state annual sulphate concentrations in the lakes after the
Fe amendments by an increased net sulphate deposition in
the sediment. The modelled sulphate concentrations were
compared to measured sulphate concentrations, Sy, before
and after Fe dosing reported by the Berlin Senate for the
Environment.

The cumulative deposition of S from sulphate reduction
was calculated from the results of the one-box model and,
then, compared to the additional S stored in the sediment
after the Fe amendment from the sediment stratigraphy. In
addition, the theoretical consumption of Fe because of the
formation of pyrite, FeS, (i.e. two sulphide molecules bind
one ferrous Fe cation), based on the modelled sulphate depo-
sition was compared to the Fe surplus from the management
measures; in those cases where all excess Fe was consumed,
the net sulphate deposition was set back to zero.

3 Results

3.1 Sediment compositions before and after iron
amendments

3.1.1 Stratigraphy of iron, phosphorus, and sulphur

In the sedimentary stratigraphy of Grof3 Glienicker See, Fe
content was 19 +3 mg g~! DW at depths of 35-47 cm (N=S5,
Fe-poor, Fig. 1) and increased to a maximum of 73 mg g~
DW at 27-29 cm, indicating the Fe dosing event. The Fe
content stabilised at 59 +3 mg g~' DW between the sedi-
ment surface and a depth of 25 cm (N= 14, Fe-rich). The P
content in the Grof3 Glienicker See sediment corresponded
with Fe (Fig. 2) and increased from 1.5+0.1 mg g~ DW in
the Fe-poor section to 5.0+0.3 mg g~' DW in the Fe-rich
sediment layer (Fig. 1). In the Fe-rich part of the sediment,
the largest P fractions were BD-TP with 27-45% g g~! TP
and NaOH-SRP with 34-43% g g~! TP. BD-TP decreased
and NaOH-SRP increased towards the deeper sediment
layers. The fractions of NaOH-NRP and HCI-TP were
between 6 and 14% g g~' TP, and the A-TP and residual
P fractions were <3% g g~! TP in all samples. In relation
with the Fe content, the S content increased slightly (Fig. 2)
from 16 +2 mg g~! DW in the Fe-poor sediment section to
21+3 mg g~! DW in the Fe-rich layer (Fig. 1). Therefore,
the molar S/Fe ratio decreased from 1.52 +0.04 (Fe-poor) to
0.62+0.08 (Fe-rich). C,,, increased continuously from 108
at the bottom to 174 mg g~' DW at the top. The resulting
molar Fe/C, ratio was 0.079 +0.008 in the Fe-rich part of

org
the sediment.
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In Plotzensee, the Fe content was 17 +1 mg g~! DW at
depths of 15-28 cm (N=13, below Fe peak, Fig. 1) and
peaked at 9—10 cm at 57 mg g~! DW corresponding to
the Fe amendment. At depths of 3-8 cm, the Fe content
was 28 +2 mg g~! DW (N =5, above Fe peak) and then
decreased to 21 mg g~! DW at the sediment surface. The P
content of the sediment did not follow the Fe profile (Fig. 2)
but remained at 1.4+0.1 mg g~! DW between depths of 3
and 28 cm (N =25) and then increased to 1.7 mg g~! DW
at the sediment surface (Fig. 1). The largest P fraction was
bound as NaOH-NRP with 27-44% g g~! TP followed by
HCI-TP, NaOH-SRP, and BD-TP with 9-20% g g~! TP. The
A-TP and residual P fractions were <8% g g~' TP. The S
content varied in proportion with the Fe profile (Fig. 2) and
peaked at 61 mg g~! DW together with the Fe peak (Fig. 1).
Towards the sediment surface, the S content decreased to
29 mg g~! DW. Consequently, the molar S/Fe-ratio increased
slightly from 1.88 +0.08 (below Fe peak) to 2.19+0.08
(above Fe peak). C,,, decreased from 205 +23 mg g ' DW
below the Fe peak to 171+7 mg g~! DW between the Fe
peak and the SWI. The molar Fe/C,,, ratio was 0.074 0.003
(N=3) at the Fe peak in the sediment.

In summary, the Fe dosing interventions were clearly
recorded in the sediments of both lakes. In Grof3 Glienicker
See, the increase in Fe content was accompanied by an
increase in P content (Fig. 2), especially in the BD-TP and
NaOH-SRP fractions (Fig. 1), while this relation was not
observed in Plotzensee (Fig. 2). In contrast, the increase in
the Fe content in Plotzensee was associated with an increase
in S content, whereas this was of minor importance in Grof3
Glienicker See (Fig. 2).

3.1.2 Iron-phosphorus and iron-sulphur mineral
occurrence

The XRD analysis showed that the Grof} Glienicker See sed-
iments were mainly composed of quartz, calcite, white mica,
and tri-trioctahedral chlorite (both layer silicates), vivianite,
K-feldspar, plagioclase, and ankerite, Ca(Fe’",Mg,Mn*")
(CO3), (in decreasing abundance for the 9-11-cm layer).
Traces of pyrite, kaolinite, and actinolite were also detected.
In the Pl6tzensee sediments, calcite, pyrite, quartz, and gyp-
sum were detected (in decreasing abundance for the 9—10-
cm layer) with additional traces of kaolinite, white mica,
plagioclase, K-feldspar, and actinolite. The XRD patterns
of the sediments from both lakes showed a significant amor-
phous hump.

Special attention was paid to the coupling of Fe with
P, carbonate, and S. The diffractograms show vivian-
ite, ankerite, and pyrite throughout the sediment layers
of Grof} Glienicker See after the Fe dosing (Fig. 3). The
vivianite reflections (i.e. at 15° 20) increased towards the
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Fig.1 Fe and P content (line determined by ICP-OES after aqua
regia dissolution, dots indicate TP after wet digestion and photomet-
ric analysis), and P-binding forms (BD-TP, redox-sensitive P; NaOH-
SRP, redox-stable metal-bound P; NaOH-NRP, organic-bound P;
HCI-TP, P bound in calcium carbonates and apatite) as well as S (line
determined by ICP-OES after aqua regia dissolution and dots by an

deeper sediment layers, indicating increasing amounts
of vivianite. The intensity of the ankerite and pyrite
reflections remained similar at all the analysed depths.
Vivianite and ankerite were not detected in the sediment
from Plotzensee, whereas pyrite was identified in all the
samples (Fig. 3). The intensity of the pyrite reflections
was approximately two times higher in the Fe-rich layers
(9-10 cm and 10-11 cm, respectively) compared to the
Fe-poor layers (5-6 cm and 13-14 cm, respectively).

Consequently, in Grof3 Glienicker See, Fe was coupled
directly to P as vivianite, S as pyrite, and carbonate as ankerite,
whereas in Plotzensee, the only consequence of the Fe dosing
was S-Fe coupling in pyrite.

element dnalyser) the molar ratio of S/Fe, and C,,, (line determined
by 50% g g~ of loss-on-ignition and dots determined by an element
analyser after evaporation of inorganic carbon) in the sediments of
Grof Glienicker See (top) and Plétzensee (bottom). According to the
maximum Fe content in both sediments, the grey lines indicate the
sedimentary layer from the respective year of Fe dosing

3.2 Sulphide production and sulphate reduction
after iron amendments

3.2.1 Sulphide sinks and sources

At and above the SWI of Plotzensee, the concentration of
dissolved sulphide was 20+ 1 mg L™! and decreased with
depth below the SWI (Fig. 4). According to the reaction
rates determined following Wang et al. (2008), the source of
dissolved sulphide was located at the SWI. A large portion
of the produced sulphide migrated to a sink of dissolved
sulphide between a depth of 3 and 12 cm, below which and
above the SWI, sulphide reaction rates were considerably
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Fig.2 Relations of P and S content with Fe content (all determined
by ICP-OES after aqua regia dissolution) in Plotzensee and Grof
Glienicker See

lower. In contrast, no dissolved sulphide was measured over
the entire pore water profile of Grof3 Glienicker See.

The relatively high sulphide concentrations at the
SWI of Plotzensee were associated with low concentra-
tions of dissolved Fe (Fig. 4). Comparatively, dissolved
Fe was available at higher concentrations in Grof3 Glien-
icker See at the SWI down to a sediment depth of 15 cm.
In both lakes, the SRP concentrations in the water col-
umn directly above the sediment surface were similar. At
the SWI of Grof3 Glienicker See, the SRP concentration
showed a narrow peak, and in the sediment of this lake,
the SRP concentration was lower than in the Plotzensee
sediment.

@ Springer

3.2.2 Sulphate reduction rates at the sediment-water
interfaces

The SRRs, calculated following Wang et al. (2008), at the
five sampling times after Fe dosing were significantly dif-
ferent between Grof3 Glienicker See and Plotzensee (Wil-
coxon rank sum test: W=25, p=0.008, Fig. 5). Specifically,
GroB Glienicker See had a lower SRR of 14 +9 g m~ year™!
compared to 70 +35 g m~2 year™! for Plstzensee. While the
SRRs varied considerably in both lakes, their sulphate pro-
files at the SWIs did not overlap. Two years before Fe addi-
tion to Plotzensee, the SRR was 84 +6 g m~2 year™! (N=4).
To our knowledge, before Fe addition, SRRs were not deter-
mined for Grofl Glienicker See.

Directly above the SWI of Plotzensee, oxygen was
between 0.0 and 0.2 mg L™" and between 0.3 and 0.6 mg
L~! in GroB Glienicker See. In Pl6tzensee, nitrate was below
the detection limit of 0.01 mg N L™! over the whole pore
water profile in September 2020. In 2001, nitrate reduction
occurred at the SWI of Plotzensee as a result of nitrate dos-
ing together with Fe in 2000. In 2002, nitrate was again
below 0.06 mg N L~!, which at the time was the detection
limit. In the dialysis sampler retrieved from Grof3 Glienicker
See in 2020, nitrate was between 0.03 and 0.06 mg N L!
without a trend. In 2004, 2008, and 2009, nitrate at the SWI
of Grofl Glienicker See was below the detection limit of
0.06 mg NL™1.

3.3 In-lake sulphate concentrations
and sedimentary sulphur retention after Fe
amendments

3.3.1 Sulphate concentrations in the water column

Shortly after the Fe dosing to Grof3 Glienicker See in 1992,
the sulphate concentration (0.5 m below water surface)
began to decrease from 81+ 1 mg L™' (N=41) and stabi-
lised at 40+ 1 mg L™! (N =123) after 2005 (Fig. 6). Simi-
larly, in Plotzensee, the sulphate concentration decreased
from 143 + 13 mg L™! (N=46) after the Fe dosing (Fig. 6),
although after a minimum sulphate concentration of
102+ 8 mg L~!in 2006 and 2007 (N=25), concentrations
increased again to 140 +4 mg L~! (N=5) in 2020.

3.3.2 Sedimentary sulphur sinks via excess iron

The one-box model adopted in this study relates sulphate
concentrations to the quantities of S deposited in the sed-
iments after the Fe amendments (see Table 2 for model
coefficients). It was assumed that after the Fe dosing, all
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Fig.3 X-ray diffraction (XRD) scans of three distinct layers from the
Fe-rich part of the sediment from Grof3 Glienicker See (0-1, 9-11, and
19-21 cm) and two distinct layers each from the Fe-rich part (9-10
and 10-11 cm) and Fe-poor parts (5-6 and 13-14 cm) of the sediment
from Plotzensee. Below, reference patterns of vivianite and pyrite are

sulphide from net sulphate reduction was retained by the
excess Fe. Therefore, the net sulphate deposition per sul-
phate mass in the entire volume of each lake, o, after the

displayed, and their largest reflections are elongated into the sample
scans. Other sample reflections were assigned to the minerals anker-
ite, calcite, chlorite, K-feldspar, gypsum, Kkaolinite, dioctahedral
mica, plagioclase, and quartz. The y-axis displays squared intensities
as arbitrary units (a.u.)

Fe dosing was calculated based on the SRRs (Fig. 5) and
the steady-state sulphate concentrations, S;,,., after the Fe
dosing (Fig. 6).
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Fig.4 Dissolved sulphide, total dissolved Fe, and soluble reactive
phosphorus (SRP) concentrations at the sediment—water interfaces
(SWIs) of Plotzensee and Grof3 Glienicker See during the summer

In Grof Glienicker See, the modelled sulphate concen-
trations decreased after the model coefficient ¢ increased
(Fig. 6). According to the sediment core retrieved in 2020
from GroB3 Glienicker See, a surplus of 80 t of S was
stored in the sediment after the Fe dosing. This amount
was calculated by considering a background content of
17 mg S g~! DW (Fig. 1) below the Fe peak as well as
the hypolimnetic area available for sulphate reduction. The
additional S deposition after the Fe amendment and up
to 2020 calculated by the one-box model corresponded to
94% g ¢! of the additional S inventory in the sediment. In
GroB Glienicker See, the Fe dosing of 500 g Fe m~2 over
the entire lake area resulted in a total Fe mass of 340 t in
the lake. According to the one-box model, pyrite formation
after sulphate reduction had consumed 19% g g~' of the
excess Fe by 2020.
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stratification period in 2020. Sulphide was below the detection limit
of 0.03 mg L' for Grof Glienicker See. For Plotzensee, the sulphide
reaction rates were calculated according to Wang et al. (2008)

The modelled sulphate concentrations in Plotzensee also
decreased after the model coefficient ¢ increased (Fig. 6). In
this lake, the amount of 150 g Fe m™ accounted for a total Fe
mass of 12 t over the entire lake area. According to the one-box
model, the amount of excess Fe was completely consumed by
pyrite formation by 2013. Therefore, the net sulphate deposi-
tion, 6, was reset to the pre Fe-dosing value from 2014 onwards,
after which the modelled sulphate concentrations increased
again (Fig. 6). According to the sediment core retrieved from
Plotzensee in 2019, a surplus of 13 t S was stored in the sedi-
ment after the Fe dosing. This amount was calculated by con-
sidering a background content of 20 mg S g~! DW (Fig. 1)
below the Fe peak as well as the hypolimnetic area available for
sulphate reduction (Table 1). The additional S deposition after
the Fe amendment corresponded to 99% g g™ of the additional
S inventory in the sediment.
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Fig.5 Sulphate profiles and resulting sulphate reduction rates (SRR) at the sediment—water interfaces (SWIs) of Grofl Glienicker See and
Plotzensee at five different sampling times. The SRRs in the two lakes were significantly different (Wilcoxon rank sum test: p=0.008, W=25)

4 Discussion

4.1 Sulphur competition with phosphorus
for dosed iron: field scale evidences

In both of the studied lakes, the sediment layers originat-
ing from past Fe applications were identified from their
increased Fe content in comparison to lower sediment
layers (Fig. 1). Correspondingly, we were able to distin-
guish the compositions of the sediments before and after
Fe dosing. In GroB} Glienicker See, the current Fe content
remains considerably higher than before the Fe dosing,
whereas in Plotzensee, the Fe content has fallen back to
the pre-amendment level.

In the Grof} Glienicker See sediment, Fe amendment has
enabled the long-term retention of P (Kleeberg et al. 2013).
Among other P-binding forms, such as BD-TP, vivianite
couples P to Fe under anoxic conditions and significantly

increases P retention following Fe dosing (Rothe et al.
2014) which exemplifies that microbial Fe reduction does
not prevent long-term P retention by Fe. This has con-
tributed to the low P concentrations in the lake and, thus,
improvement of its trophic state. Based on the high share
of Fe-related P-binding forms (BD-TP and NaOH-SRP) and
by the presence of vivianite, the more recent data show that
the high degree of P retention by Fe remains active in Grof3
Glienicker See (Figs. 1 and 3). In contrast, in Pltzensee,
the Fe dosing did not increase P retention (Figs. 1 and. 2).
In particular, Fe-related P-binding forms (BD-TP, NaOH-
SRP, and vivianite) in the sedimentary record are low or
absent and did not increase after the period of manage-
ment intervention. Overall, the Fe amendment successfully
retained P in Grof3 Glienicker See, whereas long-term P-Fe
binding failed in Pl6tzensee.

Pyrite was present in the sediments obtained from both
lakes, and, therefore, S is relevant as a competitor for the
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Table 2 Coefficients of the one-

n One-box model parameters Grof Plotzensee
box model of Plotzensee and Glienicker
Grof Glienicker See for annual See
in-lake sulphate concentrations
after Fe dosing T Water residence time (yr) 22 35
i} Stratification factor (-) 1 1
Sk Steady-state sulphate concentration in the lake (mg L™') Before Fe dosing 81 142
After Fe dosing 40 100
S;,  Sulphate concentration of external load (mg L) 70 142
Net sulphate deposition per sulphate mass of whole lake Before Fe dosing 0.00 0.00
volume (yr™") After Fe dosing ~ 0.03 0.12

Fe-driven long-term retention of P in both cases (Fig. 3).
In GroB Glienicker See, vivianite and pyrite both consume
Fe, whereas in Plotzensee, Fe is bound in pyrite but not
vivianite. According to the XRD analyses, considerably
more pyrite is present in the Plotzensee sediment layers
containing excess Fe. Also, the strongly increasing relation
of total S content with Fe content in Pl6tzensee in compar-
ison to Grof} Glienicker See (Fig. 2) shows that the compe-
tition of S with P for excess Fe was of greater importance
in Plotzensee. Furthermore, the molar S/Fe ratio decreased
in the Grof3 Glienicker See sediment after the period of
Fe dosing but slightly increased in the Fe-rich layers of
Plotzensee (Fig. 1). According to Rothe et al. (2015), S/
Fe molar ratios can be interpreted as the Fe availability

after sulphidisation. Therefore, after the Fe amendment
in Grof} Glienicker See, P retention was not inhibited by
sulphidisation, but S was bound to Fe (in pyrite) and P
was bound to Fe (e.g. as vivianite). In Plotzensee, the S/
Fe ratio shows that Fe availability did not increase after
the Fe amendment, but, rather, sulphidisation consumed
the excess Fe. Whether the increase in the S/Fe molar ratio
towards the SWI in Plotzensee is a result of the Fe dos-
ing is unclear; however, the addition of redox-sensitive Fe
hydroxide might facilitate S-Fe binding relative to less-
reactive Fe compounds reaching the lake via natural path-
ways. In all, based on evidence from both lakes, S has been
the relevant competitor determining the long-term success
of P-Fe binding after the Fe amendments.

Fig.6 Anr.lual mean su}phate =100 - ° Monitoring data
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standard deviations in the water o £ ® - «= One-box model
]
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As a competing binding partner to Fe, carbonate (i.e.
ankerite) must be considered in the sediment of Grof3 Glien-
icker See (Fig. 3); however, the formation of ankerite did not
prevent the coupling of Fe and P as BD-TP and in vivianite,
and these Fe binding forms coexist. The amount of vivian-
ite increased with depth, but ankerite remained relatively
constant suggesting no replacement of vivianite by ankerite
during diagenesis. C,,, might also be relevant, which may
have bound Fe via complexation. However, the similar C,
content in the sediments of both lakes (Fig. 1) and the simi-
lar Fe/C,,, molar ratios in the Fe-rich sediment layers do not
indicate that this was a key factor determining the long-term
success of P-Fe coupling in these two lakes. Furthermore,
the so-called cryptic cycling of Fe, C,, and S might have
an important influence on the final binding forms of these
elements and, therefore, affect the formation of stable P-Fe
binding forms (Hansel et al. 2015; Kappler and Bryce 2017).
Nevertheless, the long-term stable Fe binding forms remain
relevant for the calculation of Fe dosages.

Overall, the sedimentary stratigraphy and element cor-
relations as well as the XRD results indicate that S, as a
competitive binding element, determined the relative success
(GroB Glienicker See) and failure (Plotzensee) of long-term
P-Fe coupling following Fe amendment. Importantly, our
results show that pyrite formation competes with P-Fe cou-
pling and has the potential to outcompete long-term P-Fe
binding.

4.2 Sulphur competition with phosphorus
for dosed iron: mechanisms

Pyrite is formed by S and Fe, both in their reduced spe-
cies form. Therefore, sulphide competes with long-term
P-Fe coupling under anoxic conditions. Pyrite formation
in sediment immobilises Fe, and consequently, pyrite for-
mation limits the precipitation of P by Fe(II) under anoxic
conditions and prohibits P adsorption to Fe(III) under oxic
conditions in the water column and at the SWI as immobile
Fe cannot accumulate in an oxic SWI (Géchter and Miiller
2003; Lehtoranta et al. 2009). Furthermore, laboratory stud-
ies have shown that sulphide releases P from both Fe(III)-P
(i.e. BD-TP) and Fe(II)-P (i.e. vivianite), whereas P release
from reduced Fe(II)-P is higher at identical sulphide inputs
(Wilfert et al. 2019).

In Plotzensee, significant amounts of dissolved sulphide
were produced at the SWI. The sulphide migrated both
towards the water column and deeper within the sediment.
At the time of pore water sampling in June 2020, assum-
ing a steady-state situation, a major portion of the dissolved
sulphide was trapped in a reactive layer at a sediment depth
corresponding with the current depth of the Fe peak in
the sediment solids. This shows that sulphide is still being

immobilised by the Fe-rich layer originating from the Fe
amendment in 2000. However, the flux of sulphide towards
the water column might peak during those seasons when less
sulphide is accumulated in the water column. In Grof3 Glien-
icker See, although pyrite was identified in the upper sedi-
ment layers, no dissolved sulphide was detected at the SWI.

A central question is why the long-term P-Fe coupling
in Plotzensee was substantially diminished because of the
competing S but not in Grof3 Glienicker See. Apparently, it
refers to varying sulphide formation in both lakes. In addi-
tion to the contrasting sulphide profiles at the SWI (Fig. 4),
the SRRs of the two lakes are significantly different (Fig. 5);
Grof Glienicker See has a lower SRR than Plotzensee. The
SRRs of both lakes have been previously calculated follow-
ing alternative approaches, which is consistent with the dif-
ferences we observed (Kleeberg 1998; 2013). In addition to
sulphate reduction, mineralisation of settling organic matter
can be a source of sulphide (Urban 1994; Zhao et al. 2019).

In Plotzensee and Grof3 Glienicker See, the monitored
sulphate concentrations in the water column decreased after
the Fe applications. The sediment stratigraphy and XRD
analyses demonstrate increased S retention because of the
availability of additional Fe. In a relatively Fe-poor lake,
the SRR might be as equally high as in a lake after Fe dos-
ing. However, reduced sulphide would not be retained in
the sediment by Fe but instead migrate upwards to the water
column and be oxidised back to sulphate. Consequently, we
predicted that Fe dosing alters the S deposition rates and
sulphate concentrations in the water column. Specifically,
we applied the one-box model to test the hypothesis that the
entire amount of sulphide produced by sulphate reduction
is deposited in the sediment because of the availability of
excess Fe. The determining factor in the model was the mean
SRR of each lake. Accordingly, the decreasing sulphate con-
centrations in the water column following the Fe dosings
explain the increased S deposition in the sediments due to
sulphate reduction. Therefore, sulphate reduction was the
main mechanism determining the competition between long-
term S-Fe and P-Fe coupling. In Pl6tzensee, the high SRR
and the resulting high S deposition rate after the Fe dosing
potentially consumed all of the excess Fe (Fig. 7: High sul-
phate reduction rate). In contrast, in Grof3 Glienicker See, the
lower SRR together with the higher Fe dosage has kept the
share of the excess Fe consumed by S at a low level (Fig. 7:
Low sulphate reduction rate).

Several controlling factors of SRRs in lakes have been
suggested and discussed such as availability of other electron
acceptors, availability of electron donors (mainly organic
matter), and sulphate availability (Holmer and Storkholm
2001). In both GroBl Glienicker See and Plotzensee, the
alternative electron acceptors nitrate and oxygen were not
relevant as electron acceptors at the SWIs at the times of
pore water sampling, except during the aeration phases in
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Fig.7 Process scheme illustrating long-term effects of Fe dosing at
low or high sulphate reduction rate. Brown indicates processes delib-
erately and successfully managed. Grey refers to possible interactions

Grof} Glienicker See and directly after the nitrate addition in
Plotzensee together with the Fe dosage. Moreover, increas-
ing redox potentials by addition of other electron acceptors
through oxygenation (e.g. artificial aeration) or addition of
nitrate has been shown to shift the sulphate-reduction zone
rather than suppress sulphate reduction (Zou et al. 2017;
Fuchs et al. 2018; Cao et al. 2019). Organic matter has
been shown to limit SRRs in marine and limnic sediments
(Lehtoranta et al. 2008; Chen et al. 2016). Plotzensee and
Grof} Glienicker See are both rich in organic matter com-
pared to the above cited studies. Nevertheless, a limitation of
the SRR by the supply of organic matter cannot be excluded,
since the quality of organic matter and not the quantity could
limit the SRR. In addition, sulphate concentration limited
the SRR at the laboratory scale in riverine sediments (Zak
et al. 2006), and wild rice lake sediment (Myrbo et al. 2017)
and sustained high supplies of sulphate have been suggested
to deplete a high proportion of Fe in freshwater systems due
to sulphate reduction (Smolders et al. 1995; 2001; 2006).
In Pl6tzensee and Grof3 Glienicker See, the different SRRs
might reflect the different sulphate concentrations in the
water columns. Thus, the sulphate concentrations in Grof3
Glienicker See are moderate among 58% out of 456 natural
lakes in Germany (2014-2020), whereas the concentrations
in Pl6tzensee fall in the highest 24% of the monitored Ger-
man lakes (Zak et al. 2021).

Further, the addition of excess Fe as a management meas-
ure might interact with sulphate reduction and change the
SRR (Fig. 7). Amorphous ferric hydroxide in particular may
increase the redox potential (Vandieken et al. 2014), which
in comparison makes sulphate reduction thermodynamically

@ Springer

between excess Fe and sulphate reduction or sulphide production that
might stimulate (+) or decline (—) the immobilisation of Fe by S
after Fe dosing

less favourable and might, therefore, inhibit Fe immobilisa-
tion by S. Chemical reduction of ferric Fe consumes sulphide
(Lehtoranta et al. 2008), which in effect might decrease Fe
immobilisation by S and, further, has been supposed to block
microbial Fe reduction (Wu et al. 2019). In addition, the
immobilisation of Fe by S might be decreased by Fe sul-
phide precipitates that inhibit sulphate reducers by forming
a barrier between the bacteria and the reactants in the pore
water (Koschorreck 2008). On the other hand, it has been
observed that Fe amendment stimulated the utilisation of
sulphate. Hamdan and Salam (2021) supposed dissolved Fe
acted as an electron mediator for sulphate reduction. Another
possible mechanism causing an increased SRR and, there-
fore, faster Fe immobilisation by S is that excess Fe binds
sulphide which might prevent product inhibition of sulphate
reduction by toxic sulphide (Koschorreck 2008). The pos-
sible interactions via organic matter produced and consumed
during the reduction of excess Fe and sulphate reduction
are manifold: Generally, sulphate reducers compete with Fe-
reducing bacteria for electron donors (Koschorreck 2008)
possibly excluding microbial sulphate reduction (Chapelle
and Lovley 1992). On the other hand, microbial Fe reduc-
tion and microbial sulphate reduction have often been shown
to co-occur in the presence of poorly crystalline Fe oxides
(Finke et al. 2007) as usually applied in Fe amendments.
As excess Fe can stimulate the production of volatile fatty
acids (Laufer et al. 2016; Yang et al. 2019), which in turn
have been identified as favourable substrates of microbial
sulphate reduction (Llobet-Brossa et al. 2002; Finke et al.
2007), Fe dosing might even increase SRR and Fe immobili-
sation by S. However, volatile fatty acids are consumed also
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by Fe reducing bacteria (Kappler et al. 2021), and microbial
sulphate reduction can be driven by other electron donors
(e.g. hydrogen, short alcohols, longer alcohols, fatty acids
as well as aromatic and aliphatic hydrocarbons) (Finke et al.
2007). Edenborn and Brickett (2001) explained an abnormal
pattern of microbial sulphate reduction by the adaptation of
the sulphate reducers in the experiments to lactate instead
of other more common electron donors. Such adaptations of
sulphate reducing bacteria to specific electron donors and
the large variety of possible electron donors suggest that sul-
phate reducers in lake sediments are able to adapt to electron
donors depending on their availability that in turn depends
on the processes occurring in the specific lake. At elevated
concentrations, volatile fatty acids have been argued to even
inhibit sulphate reducers (Koschorreck 2008). Moreover,
successful Fe amendment decreases primary production
and production of organic matter (Fig. 7). This might limit
sulphate reduction by overall electron donor availability.
From the field-scale evidence together with previous stud-
ies (Lehtoranta et al. 2008; Heinrich et al. 2021), a concep-
tual understanding of how microbial reduction of sulphate
and Fe determine P retention in sediments after Fe amend-
ments can be derived (Table 3): At low SRR and low micro-
bial Fe reduction, Fe(oxi)hydroxides persist in the sediment
and bind P on the long term (Lehtoranta et al. 2008). At low
SRR and relatively high microbial Fe reduction, vivianite
binds P on the long term (Heinrich et al. 2021). Eventually,
the burial of Fe(oxi)hydroxides and the formation of vivian-
ite can be observed in parallel as in Grof3 Glienicker See. At
high SRR, sulphide may either reduce Fe(oxi)hydroxides or
dissolve vivianite (Wilfert et al. 2019) and immobilise Fe.
As aresult, P is not bound to Fe on the long term. In all, the
extent of Fe reduction determines how P is bound to Fe on
the long-term. In addition, the intensity of sulphate reduction
determines whether P is retained by Fe on the long-term.

4.3 Management implications for long-term
phosphorus retention by iron dosing

Sulphur to Fe coupling after Fe amendment can contribute
to the improvement of lake status by preventing the toxic
effects of free sulphide (Smolders et al. 1995; Zak et al.
2021). In Plotzensee, the retention of sulphide might have

contributed to the improved water transparency and the
development of macrophytes following Fe amendment in
2000. In addition, re-oxidation of mobile sulphide can con-
sume oxygen from the water column at high rates (Holmer
and Storkholm 2001; Berg et al. 2019). In Grof3 Glienicker
See, this is apparently prevented by the surplus Fe in the
sediment which prevents a sulphide flux to the water col-
umn, whereas, in Plotzensee, oxygen depletion because of
high sulphide production is a possible threat for the lake
ecosystem (Fig. 7).

Importantly, the competition of S needs to be considered
when planning Fe amendments that aim to sustain long-
term internal P precipitation. According to Wang and Jiang
(2016), no definitive recommendations for Fe dosages are
available; dosages have previously been determined based
on Fe/P molar ratios or laboratory tests (Quaak et al. 1993;
Hansen et al. 2003; Gotdyn et al. 2014; Wang and Jiang
2016) but these approaches do not consider lake-specific
competitive effects over timescales of a few decades. To
our knowledge, the only planning approach available for
Fe dosing that considers competing reactions, such as S-Fe
coupling, was suggested by Kleeberg et al. (2013); how-
ever, in this approach, sulphide originating from sulphate
reduction is assumed to bind with Fe over the course of just
1 year. In contrast, dissolved sulphate and free sulphide are
both mobile species at the SWI. Indeed, the evidence for
Plotzensee demonstrates that dissolved sulphide reaches the
excess Fe layer even when buried 10 cm below the sediment
surface. As a result, sulphide from sulphate reduction can
continue to consume Fe year on year until the excess Fe is
used up. Fe amendment planning must, therefore, consider
sulphate reduction as a competing process over the entire
management period until the P-Fe compounds are buried in
unreactive sediment layers.

A challenge for the application of this finding is that Fe
dosing might affect the SRR, the sulphide production at
the SWI and the resulting immobilisation of Fe by S after
Fe dosing (Fig. 7). As the resulting effect of the manifold
interactions between excess Fe and SRR remains unclear,
it is impossible to calculate the Fe dosage before the man-
agement intervention. For Plotzensee, the SRR in October
2 years before Fe addition was in the range of the SRRs
determined after Fe dosing, which gives no indication of a

Table 3 Conceptual understanding of how microbial reduction of Fe and sulphate determine P retention in sediments after Fe dosing. Super-
scripts indicate references: Lehtoranta et al. (2008), 2Heinrich et al. (2021), *Wilfert et al. (2019)

Low microbial Fe reduction

High microbial Fe reduction

Low sulphate reduction

High sulphate reduction
not bound to Fe on the long term.

Fe(oxi)hydroxides persist in the sediment and bind P on the long term.!

Vivianite binds P on the long term.>

Sulphide reduces and dissolves Fe(oxi)hydroxides® and immobilises Fe. P is Sulphide dissolves vivianite® and

immobilises Fe. P is not bound to
Fe on the long term
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systematic change of the SRR after Fe dosing in this lake.
However, due to the distribution of the data, a possible effect
may be overlooked. Until possible effects of excess Fe on
SRR are better understood, the problem can be addressed
by using the SRR determined before Fe dosing as an initial
estimate, checking the SRR after the Fe amendment, and
adjusting the Fe dosage if necessary.

To evaluate whether the adopted Fe dosing considering
sulphate reduction as a competing process over the entire
management period would still be realistic, we recalcu-
lated Fe dosages for Grof} Glienicker See and Plotzensee
based on Kleeberg et al. (2013) and, additionally, con-
sidered long-term (i.e. 30-year period) Fe consumption
by pyrite formation (i.e. two sulphide molecules immo-
bilise one ferrous Fe cation) resulting from sulphate
reduction in the hypolimnion. Recent literature was also
used to calculate the excess Fe consumed by organic mat-
ter. For example, Herndon et al. (2017) found more Fe
(19.8 +3.3% g g~ ! of total Fe) bound to organic matter
in the mineral layers of arctic tundra soils than in organic
layers, and based on 11 different marine sediments, Barber
et al. (2017) concluded that up to 18.1% g g~' of total Fe
was complexed by organic matter. Thus, we suggest pro-
viding 20% g g~! of the excess Fe for competitive binding
to C,,, although further work is needed to verify this.
The competitive effects of ankerite formation and whether
ankerite might contribute to P-Fe coupling via adsorption
cannot yet be determined. Based on our calculations, the
recalculated Fe dosage for Plotzensee is 521 g Fe m~2, of
which 71% g g~! is supplied for S-Fe coupling, 20% g g~!
is supplied for C,,-Fe binding, and 9% g g~ ! is supplied
for P-Fe binding based on external and internal P loadings
(Gunkel and Pachur 1994). The calculated Fe dosage is
substantially higher than the 150 g Fe m~2 adopted in 2000
but only slightly exceeds the range of typical Fe treat-
ments. Typical Fe dosages targeting P-Fe coupling range
between 30 and 500 g Fe m~2, which can be applied in
single or repeated treatments (Smolders et al. 2001; Wolter
2010). For Grof Glienicker See, our recalculations yield
a total dose amount of 559 g Fe m™2 (33% g ¢! for S-Fe,
20% g g~ for Core-Fe, and 47% g g~! for P-Fe), which is
only 12% g g~! higher than the 500 g Fe m~2 dose used
in 1992 but considerably higher than the 242 g Fe m—2
calculated by Kleeberg et al. (2013). These calculations
demonstrate that considering Fe consumption by sulphide
after sulphate reduction will increase the required Fe dos-
ages and associated costs.

A more sustainable and cost-effective approach would
be to integrate the management of SRRs with long-term
Fe treatments. For example, if the SRR in Plotzensee was
decreased by 50%, the Fe dosage over the same period
would be reduced by 44% g g~!. For GroB Glienicker See,
a 50% reduction in the SRR would reduce the Fe dosage by

@ Springer

20% g g~ '. Practically, SRRs might be decreased through
additional management measures targeting the control varia-
bles of sulphate reduction. As discussed in the previous sec-
tion, these are the availability of both sulphate and organic
matter. For successful management of SRRs, it is not only
decisive whether the change in a variable reliably reduces
the sulphate reduction rate, but also whether the variable
itself can be effectively controlled. Minimising organic mat-
ter in a lake (i.e. primary productivity) is usually part of
the goal of Fe dosing. If high sulphate concentrations could
impede long-term P retention by excess Fe, they could be
most efficiently reduced by managing sulphate loads, which
in urban and industrial areas often derive from anthropo-
genic sources including mining, wastewater treatment plants,
and war debris (Zak et al. 2021). In all, how SRRs can be
effectively controlled in lakes is not currently well under-
stood, requiring further research to inform the development
of more sustainable and cost-effective Fe treatments for P
retention.

5 Conclusions

Detailed investigations of chemical sediment composition
coupled with one-box lake modelling at the example of two
urban lakes enabled to evaluate the long-term success of P
retention following Fe amendments alongside the competing
effect of S-Fe coupling. Sulphate reduction was identified
as a relevant factor controlling the long-term efficacy of Fe
amendments with respect to P retention. Over a period of
several decades, pyrite formation involving sulphide origi-
nating from a continuously high SRR was attributed to the
consumption of a large part of the excess Fe. On the one
hand, this process can retain sulphide in lake sediments
and prevent the negative impacts of this toxic compound.
However, Fe amendments aiming to retain P must account
for S-Fe coupling over the entire management plan period.
One approach is to provide additional Fe to account for
S-Fe binding during each year of the management period.
Alternatively, additional measures to decrease SRR could be
adopted as a more sustainable approach to lake management.
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